Perfluoroalkyl acids (PFAAs) are emerging persistent organic pollutants that are globally distributed in the environment. In the present review, the occurrence of PFAAs and their behavior in aquatic ecosystem were summarized, and the health and ecological risk assessment and the multimedia fate simulation were investigated. PFAAs are most likely to exist in the aqueous phase, and PFAAs in atmosphere are also able to enter water bodies through diffusion and wet and dry deposition and eventually become widely distributed in various environmental media. The air-solid partition is considered to be one of the major factors in the long-distance transportation of the pollutants. The pKa values and organic carbon fraction of the sediment could influence the partition of PFAAs between water and sediment. Otherwise, PFAAs have teratogenic, mutagenic and other toxic effects and they could be accumulated by biota, and magnified through trophic level. The ecological and health risks of PFOA and PFOS were assessment. In order to explore the partition mechanism and reduce the uncertainty of the simulation of the transport, transformation and fate, the experimental methods on physicochemical properties of PFAAs should be developed. Moreover, further studies on toxicities of PFAAs are necessary for health and ecological risk assessment.
Introduction
Perfluoroalkyl acids (PFAAs) have been produced and wdely used for more than 60 years (Giesy and Kannan 2001) in various applications, such as firefighting foams, carpets, packaging papers, and insulation films (Giesy and Kannan 2002; Begley et al. 2005; Gewurtz et al. 2009 ).
PFAAs, including perfluorosulfonic acids (PFSAs) and perfluoroalkyl carboxylic acids (PFCAs), are a kind of organic acids where all the hydrogen atoms on the carbon chains are replaced by fluorine atoms (Figure 1 ). C-F bonds in PFAAs are highly thermally stable, with a bond energy of 105.4 kcal mol −1 , the stability of which increases with more carbon atoms. The high electronegativity of fluorine atoms (4.0) makes their three lone pairs barely able to form a resonance structure similar to that for nitrogen and oxygen atoms or become the receptor of hydrogen atoms (O'Hagan 2008) . Compared to normal carboxylic acids, PFAAs are strongly acidic and are almost completely ionized in water. Furthermore, the low vapor pressure and high solubility in water (Benskin, De Silva, and Martin 2010 ) make the ionized perfluorinated compounds stable to acids, alkali compounds, and strong oxidants, and difficult to be hydrolyzed, photodegraded and biodegraded. In (UNEP 2015 (UNEP , 2017 . In 2017, the use of PFOA and its salts were restricted by European Union (Commission Regulation (EU) 2017).
3M company, the main manufacturer of PFOS production, has stopped and recalled all PFOS in 2000 and was completely eliminated in 2002 (3M 2010) . The content of PFOS in nature has decreased, however, the total amount of perfluorinated compounds has not been significantly reduced (Hart, Gill, and Kannan 2009) . Studies have shown that PFAAs such as perfluoroundecanoic acid (PFUnA), perfluorodecanoic acid (PFDA), and PFOS have high bioaccumulation factors and food-chain trophic magnification factors (Martin et al. 2004a) . Degradation of volatile perfluorinated compounds into PFOS resulted in the long-distance migration of PFOS (Martin et al. 2004b) . PFAAs have certain physiological and ecological toxicity, affecting the population Latala, Nedzi, and Stepnowski 2009) , physiological metabolism (Austin et al. 2003) , membrane system , neurotransmission (Slotkin et al. 2008) , and gene expression (Hickey et al. 2009; Mollenhauer et al. 2009 ). Moreover, PFAAs have been detected in a variety of environmental media, including drinking water (Xiao, Simcik, Gulliver 2013) , surface water (Zhou et al. 2012; Zhou et al. 2013; Sun et al. 2011) , groundwater (Murakami et al. 2009; Loos, Locoro, and Contini 2010) , atmosphere (Dreyer et al. 2010; Webster and Ellis 2012) , silt (Clarke and Smith 2011) , soil (Washington et al. 2008 , sediments (Benskin et al. 2011) , indoor and outdoor dust (Haug et al. 2011) , etc. In present review, we aim to summarize and update the information on the occurrence of PFAAs in multiple environmental media and their source as well as the environmental behaviors, toxic effects, and ecological and health risks of PFAAs. We also attempt to identify gaps in knowledge and suggest possible future research perspectives.
The main source of PFAAs
PFAAs are synthetic compounds, so their wide distribution in the environment mainly comes from industrial emissions and their transportation and transformation afterward. The sources of PFAAs in the environment are usually divided into direct pollution and indirect pollution. The situation is considered direct pollution when PFAAs are directly emitted to the surrounding environment during the production, processing, transportation and deposition of PFAA-related materials. Indirect pollution, however, refers to the PFAAs induced by photodegradation, chemical degradation, and biodegradation as well as the dry and wet deposition from volatile PFAAs and their precursors, such as N-perfluorooctane sulfonamide and fluorine polyalcohol (Zareitalabad et al. 2013) .
Since 1947, when electrochemistry was first used to produce perfluorooctanoic acid (PFOA) by the 3M Company in the United States, eighty percent of the direct pollution of PFAAs on a global scale has been related to the production of fluoropolymers and the emissions caused by using them (Prevedouros et al. 2006) . The major products were perfluorooctanoic acid ammonium and perfluorononanoate ammonium, accounting for eighty to ninety percent of direct industrial emissions and representing the dominant precursors of PFOA and perfluorooctanesulfonic acid (PFOS). The emissions of factories producing fluoropolymers and the use of fluoropolymer dispersants and fire extinguisher foam products are all responsible for the direct pollution of PFAAs. In addition, products including PFAAs, such as floor polish (Bultman and Pike 1981) , cleaning formulas (Asahi 1982), hair care products (Cella et al. 1976 ), ink (Zoellner-Braue 1995 , medical inhalers, fuel additives (Schultz and Quessy 1992) , paper, air fresheners (Lion-Corporation 1988) and textile processing (Enders 1961) , are all able to result in direct pollution. The main production of perfluorinated compounds was located in European and American developed countries, such as Belgium and Italy, before 2003. By 2004, the global production of perfluorooctanoic acid ammonium was approximately 3600-5700 tons, and the total direct emission was approximately 400-700 tons (Zareitalabad et al. 2013) . Since companies such as 3M gradually stopped the production of perfluoroalkyl acids, Chinese companies entered the business due to the huge demand both inside and outside of the country, thus becoming the main source of PFAAs in China . The emission intensity of PFOA and PFOS in the Yangtze River, China was estimated to be 39.2 tons per year and 0.807 tons per year (Chen et al. 2011) , respectively. The emission of PFOS in China in 2010 was estimated to be 70 tons . The indirect pollution of PFAAs comes from a wide variety of sources, the main ones of which are the perfluorooctane sulfonyl products produced by electrochemistry fluorination. According to the difference in synthesis methods and raw materials, the impurities could include homologs, with a carbon number ranging from four to thirteen (Benskin, De Silva, and Martin 2010) . Fluoropolymers produced by telomerization may include a trace amount of PFAAs as impurities. N-ethyl perfluorooctane sulfonamidoethanol (N-EtFOSE) has been reported to be able to biodegrade to PFOA, or to degrade to PFOS, in activated sludge (Lange 2000 , Rhoads et al. 2008 . The raw materials of fluoropolymers may transform to PFAAs during processing. Since the high vapor pressure of fluorine polyalcohol makes them easy to vaporize (Krusic et al. 2005) , those fluorine polyalcohols in the atmosphere can react with water vapor and nitrogen oxides (NO x ) and eventually form PFCAs , resulting in the longdistance transportation of PFAAs. The multi-media distribution of PFAAs Due to the physicochemical characteristic of PFAAs, they are most likely to exist in the aqueous phase as ions, thus making their transportation with water flow relatively slow. However, the precursor materials of PFAAs, such as chlorodifluoromethane (HCFC), hydrofluorocarbons (HFCs), and fluorine polyalcohol, are able to vaporize and form PFAAs through photodegradation and oxidation; then, these compounds enter water bodies and sediments through diffusion and wet and dry deposition and eventually become widely distributed in various environmental media. Figure 2 shows the global distributions of PFAAs in environmental media. (Table S1 for more details).
Distribution of PFAAs in the atmosphere
PFAAs almost always exist as ions in the aqueous phase and are difficult to vaporize. However, the wide distribution of PFAAs in the atmosphere has been reported in large amount of research. Perfluoroaldehyde (C x F 2x+1 CHO) and fluorine polyaldehyde (C x F 2x+1 CH 2 CHO) have been reported to form PFCAs through photodegradation (Chiappero et al. 2006) . Volatile HCFCs and N-methyl perfluorobutane sulfonamidoethanol (NMeFBSE) can produce perfluorobutanesulfonic acid (PFBS) and PFCAs through atmospheric oxidation (D'eon et al. 2006) . Fluorotelomer alcohols (FTOHs) can produce homologous PFCAs through degradation in the atmosphere, resulting in the wide spread of PFCAs . Moreover, the degradation of PFAAs in the atmosphere is not only influenced by gas phase reactions but is also related to the rate of dry and wet deposition ).
Considering the low volatility of PFAAs, previous research on perfluorinated compounds in the atmosphere has been focused on their volatile precursors, such as fluorine polyalcohol, methyl perfluorobutyl sulfonamide, methyl perfluorooctane sulfonamide and ethyl perfluorooctane sulfonamide , Ahrens et al. 2011a , Muller et al. 2012 , Lai et al. 2016 (Liu et al. 2015a ). In addition, focusing on the potential risks to human health, the levels of PFOA and PFOS in indoor and outdoor dust have also been studied (Moriwaki, Takata, and Arakawa 2003 , Murakami and Takada 2008 , Strynar and Lindstrom 2008 , Fraser et al. 2013 .
According to these results, the PFAAs in the atmosphere are mainly composed of short carbon chain PFCAs. The concentration of PFAAs in the atmosphere of Manchester and Hazelrigg in the United Kingdom were much higher (up to 574 pg/m3, with PFOA as predominant contaminant). In addition, the PFAAs levels in the atmosphere of Lake Chaohu and the city of Tianjin were also higher, while the concentrations of PFAAs in the rest of the regions were lower. This might be due to the fact that there is a fluoropolymer production plant near Manchester and Hazelrigg. Although there are no fluorination plants around Chaohu and Tianjin, the two large fluorine industrial parks approximately 300 km away could be the source of pollutants in their atmosphere. Inland or rural areas, which are far from point source emissions, may be affected by longrange atmospheric transmission.
Distribution of PFAAs in water bodies
PFAAs are most likely to exist as ions in the aqueous phase. In addition, PFAAs in the atmosphere can enter water bodies through dry and wet deposition and airwater exchange. PFAAs in soils can be washed away through precipitation and end up in all types of water bodies following surface runoff. PFAAs in water bodies have been investigated worldwide, especially in rivers near point sources of pollution, such as the Tennessee River in the United States ; the River Po in Italy (Loos et al. 2008) ; the River Elbe in Germany (Ahrens et al. 2009a) ; the Danube River in Europe (Loos, Locoro, and Contini 2010) ; the Svitava River and Svratka River in the Czech Republic (Kovarova et al. 2012) ; the Llobregat River in Spain (Flores et al. 2013) ; the Kamo River and Uji River in Japan (Senthilkumar et al. 2007 ); the Chao Phraya River and Bangpakong River in Thailand (Kunacheva et al. 2009 ); the Yamuna River in India (Yeung et al. 2009 ); and the Pearl River and Yangtze River (So et al. 2007 ), Xiaoqing River (Beijing) (Zhao et al. 2007 ), Yellow River, Majia River, Tuhai River, Xiaoqing River (Shandong), and Mi River (Wang et al. 2014a) in China.
The studies about PFAAs in lake systems are relatively limited compared with those on rivers, and the majority of them are focused on several main lakes, such as the Great Lakes (Boulanger et al. 2004 , De Silva et al. 2011 , Lake Victoria in Kenya (Orata et al. 2009 ), Tokyo Bay (Taniyasu et al. 2003) , Taihu Lake (Qiu, Jing, and Shi 2010 , Yang, Zhu, and Liu 2011 , Yu et al. 2013 , Guo et al. 2015 , Lake Chaohu (Gong et al. 2015) , Tangxun Lake (Zhou et al. 2013) , Nansi Lake in Shandong (Cao et al. 2015) , and Dianchi Lake in Yunnan .
The PFAAs in the water were mainly composed of PFOA and other short carbon chain PFCAs. The PFOS content in some samples, such as the Mississippi River in the United States, was higher, which was related to the point source emission of PFOS from the 3M factory. Due to the lack of water quality benchmarks, it is impossible to assess the degree of pollution of PFAAs in water quality, however, it can be seen from previous studies that point source emission influenced the contamination of PFAAs in the water directly. The PFAAs in the Mississippi River with point source emissions were approximately 369 ng/L. In Xiaoqinghe River, the PFAAs were detected up to 5069 ng/L near the fluorination plant, while up to 9850 ng/L of PFAAs were detected in the TangXun Lake, which was a sewage lake. In addition, PFAA levels in other natural waters were relatively lower.
The distribution of PFAAs in the sediments
Sediment is an important sink of neutral organic pollutants, where pollutants can be absorbed by suspended particles and then settle down into sediment or can also be desorbed into water through resuspension. However, due to both the hydrophobic and hydrophilic functional groups of PFAAs, their behaviors in the sediment are different from those of traditional persistent organic pollutants (POPs) (Nakata et al. 2006) . By studying sediment, we can further understand the environmental behaviors of PFAAs in the aqueous phase.
A wide range of studies has been focused on the PFAAs in sediment worldwide, such as in the Ariake Sea in Japan (Nakata et al. 2006) , the Kamo River, Uji River (Senthilkumar et al. 2007) , and Main River in Germany (Becker, Gerstmann, and Frank 2008) , the Savannah River in the United States (Kumar et al. 2009 ), pore water, surface sediment and columnar sediment in Tokyo Bay (Ahrens et al. 2009b (Ahrens et al. , 2010 , Lake Opabin and Lake Oesa in Canada (Benskin et al. 2011) , surface and columnar sediment in Lake Ontario , and sediment of various rivers and lakes in Korea (Lam et al. 2014 ). Compared to that from foreign countries, research on sediment in China started later, where the earliest report on PFAAs in sediment was carried out by Bao et al. by studying the Daliao River (Bao et al. 2009 ). Subsequent research has been carried out by studying several major rivers flowing through industrial factories, such as the part of Huangpu River and Pearl River located in Guangzhou (Bao et al. 2010) , the Yangtze River (Pan and You 2010) , and multiple rivers in Laizhou Bay ). The research on lake sediments has occurred only recently in China, focusing on Taihu Lake Liu 2011, Chen et al. 2015) , Dianchi Lake , Tangxun Lake in Hubei (Zhou et al. 2013) , and Nansi Lake in Shangdong (Cao et al. 2015) . The short carbon chain PFCAs were still dominant in the sediments, while the relative content of PFOS and long carbon chain PFCAs, such as PFUnDA, were increased. Overall, the contamination levels in sediments were lower, except for those in the heavily polluted sediments, such as Tangxun Lake.
The distribution of PFAAs in organisms
Geisy and Kannan first reported the distribution of PFOS in organisms in 2001 (Giesy and Kannan 2001) . PFOS has been detected in the tissues of fish, birds and marine mammals in polar areas far from cities and industrial factories, indicating that PFOS can bioaccumulate in food chains. After that, PFAAs in organisms have been studied extensively. Kannan et al. reported the concentrations of PFOS and PFOA in mink (liver), river otters, seals, and Atlantic salmon in various places in the United States (Kannan et al. 2002a (Kannan et al. , 2002b . Taniyasu et al. reported the concentrations of PFOS in edible eels and flounder in Japan (Taniyasu et al. 2003) . Kumar et al. reported the concentration of PFAAs in various organisms in the United States. (Kumar et al. 2009 ). Bioaccumulation and biological magnification of PFAAs in both marine and freshwater ecosystems have been indicated (Houde et al. 2006b; ). Conder et al. summarized previous research, reporting that the bioaccumulation of PFAAs is related to the length of carbon chains and that PFSAs are more likely to bioaccumulate than PFCAs are (Conder et al. 2008 ). However, in contrast to the distribution of traditional hydrophobic and lipophilic organic pollutants in organisms, such as organochloride and polycyclic aromatic hydrocarbons, the concentrations of PFAAs are not significantly related to lipid content but to protein content, and lipids may even suppress the accumulation of PFOA and PFOS (Wen et al. 2016) .
In previous studies, as a type of emerging contaminant, the PFAAs concentrations in organisms were higher than the concentrations of other POPs, such as organochlorine pesticides. The residual levels of PFAAs in the trout in Lake Ontario and Mongolian carp in Taihu Lake were up to 58.58 ng/g ww and 165 ng/g ww, respectively, higher than those in other freshwater, such as Pearl River and Lake Chaohu. In organisms, PFOS was the predominant contaminant, and long carbon chain PFCAs were bioaccumulated in organisms, and the proportion of PFCAs increased with time (Furdui et al. 2008 ). This might be due to the phase out of PFOS around 2002, while there are no restrictions on PFCAs. Long-term monitoring of PFAAs in organisms revealed that the concentration of PFAAs increased first and then decreased (Braune and Letcher 2013; Gewurtz et al. 2009 ), which also reflected the emission of PFAAs.
In addition to organisms, PFAAs at different concentrations have been detected widely in the blood, liver, urine, hair, breast milk, cord blood, and nails of both adults and children (Olsen et al. 2003 , Kuklenyik et al. 2004 , Karrman et al. 2006 , So et al. 2006 , Calafat et al. 2007a , Karstadt 2007 , Olsen et al. 2007 , Von Ehrenstein et al. 2008 , Haug, Thomsen, and Bechert 2009 , Li et al. 2013 , Zhang et al. 2013b , Kim, Lee, and Oh 2014 , Pinney et al. 2014 . Multiple pathways of human exposure to PFAAs have been reported, such as indoor and outdoor dust, drinking water, edible freshwater fish, and seafood (Taniyasu et al. 2003 , Calafat et al. 2007b , Bjorklund, Thuresson, and De Wit 2009 , Ericson et al. 2009 ), among which dietary exposure, especially the intake of aquatic products, is the main exposure source for humans (Haug et al. 2010 , Domingo 2012 . Thus, investigating the distribution of PFAAs in fish can provide more information for health risk assessment of PFAAs.
After the phase out of PFOS and PFOA by 3M, the contamination levels of PFOS were decreased in American and European environment media over last decades. However, in order to meet the industrial demands, the fluorine chemical manufacturers, such as 3M Corporate and Daikin Industries, established new production plants in China. The estimated emission of PFOS were increased from 30 tons per year in 2011 to 240 tons in 2011 , while the release of PFOA was from 17.5 tons in 2004 to 45.3 tons in 2012 . In Xiaoqing River, the concentrations of PFAAs increased up to six-fold from 2011 to 2013. In addition, the detection rate and concentrations of PFBA and PFBS in different environmental media were increased. In the middle reach of Yangtze River, the PBFS became predominant contaminant (Tan et al. 2018) . In some organisms, PFBS was found at higher level than PFOS in Lake Tana (Ahrens et al. 2016 ). This might be due to the production and use of the short carbon chain alternatives such as PFBA and PFBS, after the restrictions of PFOA and PFOS.
The main environmental behavior of PFAAs
The multi-media portioning of PFAAs Due to the physicochemical characteristics of PFAAs, they are easy to dissociate in the aqueous phase. Although the vapor pressure is lower after dissociation, PFAAs can still be absorbed by particles in the atmosphere or water and can be transported through dry and wet deposition (Figure 3) . The typical partition of PFAAs includes air-solid, water-suspended solid, watersediment, and suspended solid-sediment partition. The air-solid partition is considered to be one of the major factors in the long-distance transportation of the pollutants. A higher level of PFAAs has been reported in atmospheric particles than that in gas phase, indicating their facile adsorption by atmospheric particles (Barton et al. 2006 , Kim and Kannan 2007 , which can partially explain the long-distance transportation of PFAAs. The air-solid partition coefficient has been evaluated by Arp et al., indicating that the direct volatility from water to air is not the main source of PFAAs in the gas phase (Arp and Goss 2009 ). The PFAAs in atmosphere above wastewater treatment plants were analyzed and discovered that PFAAs are more likely to be adsorbed by particles compared to existing in the gas phase, and that the ratio of PFCAs in the solid phase is proportional to the length of carbon chains (Vierke et al. 2011) . Ahrens et al. proved by experiments that the pH of watersoluble aerosols and the pKa of the compounds are the major factors of the air-solid partition coefficient (Ahrens et al. 2012) . The partition of PFAAs in the water-suspended solid-sediment system is important to the multi-media fate of the compounds. The organic carbon normalized partition coefficient (Koc) has usually been used to quantify the partition of pollutants between the solid and aqueous phases. The adsorption of pollutants by sediment from water was studied as early as 1979 (Karickhoff, Brown, and Scott 1979) . Ahrens et al. reported the partition of PFAAs between the pore water and sediment in Tokyo Bay, which discovered that PFOS is more likely to be adsorbed by sediment than PFCAs are and that the length of the carbon chain can influence the partition of PFAAs (Ahrens et al. 2009b) . Furthermore, the organic carbon fraction (foc) of the sediment is also influence factor. When the foc is extremely low, the size of the sediment particle and the surface electrostatic interaction are the major factors in the partition (Johnson et al. 2007 , Ahrens et al. 2011b ).
Cross-interface exchange
The cross-interface exchanges in aquatic ecosystems mainly include water-air interface and water-sediment interface exchanges. The air-water partition coefficient (Kaw) is an important parameter affecting the environmental behaviors and fate of pollutants. The Kaw of PFOA was measured in laboratory, ranging from 7.65 × 10 −4 to 1.39 × 10 −3 (Li, Ellis, and Mackay 2007 (Vierke et al. 2013 ). The vapor pressure of water-soluble anions dissociated from PFAAs is very low, while that of neutral PFAAs is relatively high Russell 2007, Kaiser et al. 2010 ). The PFAAs accumulated in sediments with the increasing organic matter and the decreasing pH, according to the research on the water-sediment interface, and the length of the carbon chain could obviously influence the partition (Ahrens et al. 2009b ). In addition, the salinity could also significantly influence the adsorption and desorption of PFAAs by sediment (Pan and You 2010) .
Degradation
PFAAs have relatively long half-lives in water, and are difficult to degrade autonomously. They can be removed from atmosphere by oxidation, hydrolysis and photolysis after being adsorbed by particles , McMurdo et al. 2008 ) as well as precipitation and deposition (Arp and Goss 2009). A high-frequency ultrasound has been reported to improve the degradation in the groundwater of landfills (Cheng et al. 2008 ) and the biodegradation Avendano 2013, Weiner et al. 2013 ) of PFAAs. PFOS and short chain PFAAs were also hard to degrade by microbial under both anaerobic and aerobic conditions (OchoaHerrera et al. 2016 ). However, due to the stability of PFAAs, it is difficult to degrade them further in the natural environment, and they usually sink to the sediment by adsorbing to particles in the water (Prevedouros et al. 2006 ).
Bioaccumulation and biological magnification
Bioaccumulation factors are usually used to describe the absorption of pollutants by organisms from the environment or food (van der Oost, Beyer, and Vermeulen 2003). The bioconcentration factor (BCF) is used to describe the accumulation of pollutants in aquatic organisms through only gill and skin absorption (Veith, Defoe, and Bergstedt 1979) , and is usually evaluated and calculated based on lab experiments. In the natural environment, however, the accumulation of dissolved pollutants by aquatic organisms is usually described by the bioaccumulation factor (BAF). In addition, the biota-suspended solid accumulation factor (BSSAF) and biota-sediment accumulation factor (BSAF) are used to describe the accumulation of pollutants by organisms from suspended solids and sediment. Giesy and Kannan first reported the distribution of PFAAs in wildlife and proposed bioaccumulation and biomagnification with increasing trophic level (Giesy and Kannan 2001) . Taniyasu et al. reported the bioaccumulation coefficient of PFOS in fish from different places in Japan, ranging from 274 to 41,600 (Taniyasu et al. 2003) . Conder et al. summarized the previous research, proposing that the bioaccumulation and biomagnification of PFAAs are directly related to the length of the carbon chains and that PFSAs are easier to bioaccumulate than PFCAs (Conder et al. 2008) . PFHxS has an exemption half-life time, which is longer than PFOS, however, a linear relationship between bioaccumulation factor (BAF) of PFSAs and carbon number was reported. The BAF value of PFHxS was lower than that of PFOS (Kwadijk, Korytár, and Koelmans 2010; Bhavsar et al. 2016 ). In addition, BAF value was also both related to the exposure concentrations of PFAAs, and its relationship with length of the carbon chains has also been proved by experiment . In addition to bioaccumulation, the biomagnification of PFAAs with increasing trophic level and along food chains has been indicated. The trophic magnification of PFAAs has been proved in the food web of trout in Lake Ontario and bottlenose dolphin in Sarasota Bay (Martin et al. 2004a , Houde et al. 2006a ). The bioaccumulation and trophic magnification of PFAAs have been proved in freshwater and marine ecosystems from Taihu Lake and Laizhou Bay in China , Xu et al. 2014 . Most of the long carbon chain PFCAs, PFBS, and PFOS were correlated with the trophic level significantly, which indicated that the concentrations of PFAAs in aquatic animals increased across trophic levels. The food web magnification factor values of long carbon chain PFCAs and all PFSAs were greater than 1.0, indicating obvious biomagnification for PFAAs in aquatic animals.
The toxicity of PFAAs
Since PFOS was detected in various wildlife in 2001 (Giesy and Kannan 2001) , multiple studies have been carried out about the toxicity of PFAAs. Table 1 shows the toxicities in different species. It has been reported that PFOS and most PFCAs can significantly suppress the population of algae such as Chlorella vulgaris (Desjardins et al. 2001 , Sanderson et al. 2003 . PFOS can suppress the growth of algae by increasing the permeability of the cell membrane and the membrane potential of mitochondria . A linear relationship between the length of carbon chains and the toxicity toward algae was proved, by exposing PFAAs to green algae, diatoms, and cyanobacteria, and the toxicity doubles with one more perfluoromethylene unit (Latala, Nedzi, and Stepnowski 2009) . PFOA can also increase the fluorescent intensity of the membrane of Scenedesmus obliquus, resulting in dysfunction and physiological abnormalities of the algae cell membrane (Feng et al. 2010 ).
According to the toxicity test of zooplankton, PFOA can significantly influence the population density of water flee (Sanderson et al. 2003) . PFOS may have a greater impact on Chironomid larvae than PFOA does, suggesting that PFOS may be associated with the oxygen stress response (MacDonald et al. 2004) The EC 50 and NOEC values of six PFCAs in Daphnia were calculated, and they were inversely proportional to the length of carbon chains of PFAAs (Ding et al. 2012) . PFOS was approximately 2.5-fold more toxic to B. calyciflorus than PFOA and can affect the size of individuals and eggs and this toxicity is hereditary (Zhang et al. 2013a) . PFCAs with long carbon chains, such as PFNA and PFDA, can significantly inhibit the p-gp transport proteins in mussels, but the inhibition is reversible as PFNA decreases (Stevenson et al. 2006) . PFOS can cause oxidative damage to emerald mussels, and the her- editary damage is irreversible for long-term exposure . PFNA and PFDA also can weaken the internal defense system of green mussels, which shows the immunotoxicity (Liu and Gin 2018) . Toxicity tests of fish showed that PFOA can damage the activity of estrogen by inducing the estrogen response genes in the male Gobiocypris rarus (Wei et al. 2007) . PFOS can alter the gene expression of the hypothalamic-pituitary-thyroid (HPT) axis of zebrafish and disrupt the synthesis and regulation of thyroid hormones (Shi et al. 2009 ). PFOS can also suppress the activity of efflux transport proteins in zebrafish as a chemosensitizer (Keiter et al. 2016 ).
In addition, PFAAs have been reported to be toxic and carcinogenic toward the liver as well as the development and immunity of mammals, and the compounds may also interfere with hormone levels in mammals. At different exposure doses, PFOA and PFOS can activate the peroxisome proliferator activated receptor-α (PPAR-α) to different extents (Takacs and Abbott 2007) , while the activation of PPAR-α may induce liver tumors in rodents. Seacat et al. reported the subchronic toxicity of cynomolgus monkeys, discovering damage to the liver caused by long-term exposure to PFOS (Seacat et al. 2002) . Exposing pregnant mice to PFOA can cause delayed development, including an increased time to open eyes and hair growth, and the effect can be even more significant if the exposure happened at the beginning of gestation (Wolf et al. 2007 ). The exposure to PFOA in mice can cause a decrease in the titer of the lgM antibody, which is related to their adaptive immune response (DeWitt et al. 2008 ). In addition, PFOA can suppress the genes responsible for the biosynthesis of thyroid hormones, significantly induce the estrogen responsive genes, and interfere with the endocrine system (Wei et al. 2008) . PFOA may also decrease testosterone levels and increase estradiol levels (Lau et al. 2007 ). PFOA may also alter the production of steroid hormones or act indirectly through ovarian effects; it can interfere with the endocrine system and affect growth and sex hormones, including the activation of estrogen receptors (White, Fenton, and Hines 2011, Du et al. 2013) , however, no evidence showed that the alternatives of PFOA and PFOS, including PFBA, PFHxA, PFBS, and PFHxS, could affect estrogen or androgen receptor signaling or steroid hormone biosynthesis at present exposure level (Behr et al. 2018 ).
So far, although the toxicity mechanism of the PFAAs on human is still not clear, epidemiological investigations of PFAAs have been reported widely, indicating that the exposure of PFAAs may be related to functional thyroid disease (Melzer et al. 2010, Winquist and Steenland 2014) . The concentration of PFOA in plasma is an independent factor of increasing vascular disease risks (Shankar, Xiao, and Ducatman 2012) .
Ecological and health risk assessment of PFAAs

Ecological risk of PFAAs
Ecological risk assessment includes evaluating the extent, scale, and the possibility of ecological harm after pollutants enter water bodies (Yin 1995) . In 1998, the United States Environmental Protection Agency (USEPA) published the guidelines for ecological risk assessment (U.S. Environmental Protection Agency 1998), establishing the ecological risk assessment system. The risk assessment of aquatic ecosystems mainly focuses on the water and the sediment. The risk quotient (RQ) method and the species sensitivity distribution (SSD) method are two commonly used methods for ecological risk assessment.
The RQ method is the simplest and most widely used method. It measures the risks in water or sediment by calculating the ratio of pollutant concentrations and the environmental criteria. At present, studies focused on the ecological risk of PFAAs in water and sediment are limited, and the calculation of quotient value is the most widely used method (Lv et al. 2008 , Mhadhbi et al. 2012 , Gong et al. 2015 . The ecological risks of PFAAs are predicted by the ratio of the measured environmental exposure and the predicted no effect concentration (PNEC) or no observed effect concentration (NOEC). When the ratio is less than 1, it is generally believed that the pollutants are relatively safe for the ecological environment; otherwise, the greater the ratio is, the higher the risk.
The SSD method was first proposed by USEPA in 1978 as part of the water quality criteria. The SSD curve is plotted according to the toxicity data of certain species, and the ecological risk is obtained according to the environmental exposure and the SSD curve. Researchers from Europe and the United States discussed their research results at the OECD conference in 1990, named the evaluation method SSD, and determined SSD to be an ecological modeling method (van Straalen and van Leeuwen 2002) . SSD is widely used in the ecological risk assessment of persistent pollutants . However, the toxicity data of PFAAs except PFOA and PFOS were not sufficient, so only the risks of PFOA and PFOS were assessed. Figure 4 shows the comparison of SSD curves between PFOA and PFOS. According to the toxicity data of PFOA and PFOS provided by EPA Ecotox database (www. epa.gov/ecotox), the HC 5 concentrations of PFOA and PFOS (hazardous concentration at 5% of species to protect 95% species) were 386.09 μg/L and 26.37 μg/L, respectively. It can be seen that the HC 5 concentration of PFOS is lower than that of PFOA, indicating that the toxicity of PFOS is higher.
The SSD method was employed to discuss the ecological risks of PFOS and PFOA in different seasons and at different sampling points in Lake Chaohu and the influence of different distribution models on a SSD curve was compared (Liu et al. 2015c ). In addition, SSD model was applied to predict the noobserved effect concentrations of PFOS and PFOA at levels of 35.16 µg/L and 2546 µg/L, respectively (Qi et al. 2011; Gredelj et al. 2018) . The ecological risk of PFAAs was low at present exposure level, which were three orders of magnitude lower than HC 5 or PNEC.
Health risk of PFAAs
Up to 12.8 mg/ml of PFOS were detected in the serum of workers at the factories producing fluorinated compounds in 1999 (Olsen et al. 1999 ). Subsequently, PFAAs at different concentrations were detected in the serum, urine, breast milk, hair, and nails of both adults and children (Olsen et al. 2003 , Kuklenyik et al. 2004 , Karrman et al. 2006 , Calafat et al. 2007a , Karstadt 2007 , Olsen et al. 2007 , Von Ehrenstein et al. 2008 , Haug, Thomsen, and Bechert 2009 , Li et al. 2013 , Zhang et al. 2013b , Kim, Lee, and Oh 2014 , Pinney et al. 2014 . Human exposure to PFAAs may be derived from indoor and outdoor dust, drinking water, edible freshwater fish, and seafood (Taniyasu et al. 2003 , Calafat et al. 2007b , Bjorklund, Thuresson, and De Wit 2009 , Ericson et al. 2009 ), among which the consumption of aquatic products is the main source (Haug et al. 2010 ). In addition, PFOA and PFOS can be transferred in utero through the umbilical cord blood (Olsen, Butenhoff, and Zobel 2009) . Breast milk is the main source of PFAAs in infants (So et al. 2006) .
Currently, only the reference doses (RfD) of PFOA and PFOS have been reported. The lack of dose-response relationships of other PFAAs limits research on their health risks. The present studies about the health risks of PFAAs have been focused on the consumption of edible aquatic products (fish) by calculating the ratio of exposure levels (i.e., the acceptable daily intake, ADI, or total daily intake, TDI) and RfD (So et al. 2006 ).
The estimated daily intake (EDI) of adults through diet were various from different areas. Su et al., found that the EDI value of PFAAs (including PFBA, PFOA, and PFOS) was up to 310 ng/kg bw/day only through eating homemade eggs ranged around a fluorochemical industrial park in China (Su et al. 2017 ), while at a low exposure scenario, the EDI was 479 ng/kg bw/day through fifteen subgroups of food (including meat, egg, vegetables, milk rice, etc.) . The EDI of PFOA and PFOS through fish consumption ranged from 0.02 to 5.05 ng/kg bw/ day and 0.04 to 17 ng/kg bw/day in European countries (Hölzer et al. 2011 , Noorlander et al. 2011 Domingo et al. 2012; Munschy et al. 2013; Rivière et al. 2014; Vestergren et al. 2012; Johansson et al. 2014; Squadrone et al. 2015) . The study of health risk of PFAAs through respiratory exposure is limited. Zhang et al. reported the estimated daily intake (EDI) of indoor dust in Beijing and Shanghai, China . The health risks of PFOA and PFOS by respiratory exposure in Shenzhen and Lake Chaohu were reported (Liu et al. 2015a . Overall, the health risk of PFAAs exposed to general population (non- ECOSYSTEM HEALTH AND SUSTAINABILITYoccupational exposure) was lower than the acceptable level recommended by USEPA.
Multimedia fate modeling
The multi-media fate model is a mathematical model developed in the 1980s and emphasizes the environmental conditions as well as the properties of the pollutants, which determine the distribution, mobility, and transformation of pollutants in various environmental media. The concept of fugacity was proposed by Lewis in 1901 to describe the balance distribution of substances in various phases (Mackay and Paterson 1981) . Mackay first applied the concept of fugacity to a multi-media model for predicting the distribution of organic compounds in the environment of an ecosystem (Mackay 1979) , and a quantitative water-airsediment-interaction model (QWASI) was proposed to describe the fate of chemicals in Lake Ontario (Mackay, Joy, and Paterson 1983) . After that, many studies on the migration, transformation, and dynamic distribution of typical POPs such as polycyclic aromatic hydrocarbons (PAHs) and organochlorine pesticides (OCPs) in various environmental media model base on modified QWASI framework were reported. The framework is shown in Figure 5 . It contains water, sediment, suspended solids, and air. The environmental process such as advection, evaporation, sedimentation, resuspension and occurrence of sediments, dry and wet deposition of air, and degradation of chemicals are considered. The relative rates of each process are compared and the mathematical equations for establishing the model in steady state and non-steady state are given.
Multilevel fugacity models are widely used. Wania and Mackay established a global distribution model based on fugacity for POPs, such as hexachlorobenzene (HCB), gammahexachlorocyclohexane (γ-HCH) and dichlorodiphenyltrichloroethane (DDT), were simulated and validated (Wania and Mackay 1995) . The distribution of γ-HCH in Liaohe Basin from 1952 to 2001 was simulated using a level IV model (Liu, Quan, and Yang 2007) . Ao et al., and Dong et al., studied the large-scale temporal variations of HCH isomers in the Yellow River Basin and Lanzhou using similar methods, respectively (Ao et al. 2009 , Dong et al. 2009 ). The level IV multimedia fate model was used to successfully simulate the spatial and seasonal variations of PAHs in Haihe River Plain within one year (Wang et al. 2011a ). At present, there is a lack of studies on the migration and transformation of PFAAs using the multimedia fugacity model: Liu et al. simulated the migration of benzo(a)pyrene and PFOS in Bohai Sea region on the regional scale using the spatial multimedia migration model (Liu et al. 2015b ); Cui et al. used a level III multimedia fugacity model to simulate the migration of PFOS in Shenzhen (Cui et al. 2016 ); Qin et al. applied the IV-level model to simulate the temporal trend and fate of PAHs in Lake Chaohu (Qin 2013) ; and Kong et al. first evaluated the fate, transport, and transformation of PFOS and PFOA in Lake Chaohu using fugacitybased multimedia fate model (Kong et al. 2018) . However, the model is constructed based on the physicochemical properties of the chemical and the environmental meteorological conditions of the study area. Since PFAAs are structurally hydrophobic and oleophobic, and have surface activity. The physical and chemical parameters such as Kow (octanol-water partition coefficient), Koa (octanolair partition coefficient), P L (vapor pressure), and Henry's constant are not easily determined by experiments. If the method can be improved to obtain the measured physical and chemical parameters, it can be reduced the uncertainty due to model calculation parameters. In addition, it would be better if the protein content in the organism and the mineral composition in the sediments, were considered when analyzing the distribution balance of PFAAs in water-organisms and waterenvironmental media. (note: D ijk are transfer rate coefficients for major transfer processes, from i bulk phase to j bulk phase, where 1 is for air, 2 for water, and 4 for sediment. For the subscript k describe the process: d: diffusion; w: wet precipitation; p: dry deposition; r: rain scavenging; s: sedimentation; m: degradation. T01 is for air advection flow into the lake. Q 02t is for water advection flow into the lake；Q 20t and Q 23h are for water advection flow out of the lake and discharge out of lake along river.）
Conclusions and perspectives
This review summarizes the studies on the occurrence, partition, toxicity, and risks of PFAAs. PFAAs enter the environment through the direct emission of fluorine industry parks or the use of related production, and spread widely through their environmental behavior such as degradation, partition, or bioaccumulation, and eventually sink in sediments or animals. The application of multimedia fate model on the simulation of PFAAs was reviewed. Due to high toxicity and bioaccumulation of PFAAs, their ecological and health risks are concerned. Moreover, with the increasing use of the perfluorinated alternatives, such as PFBA and PFBS, the toxicities of short carbon chain PFAAs, should be studied.
Based on the previous studies on PFAAs, experiment methods for the properties of PFAAs, such as Kow, vapor pressure, and Henry constant, should be further developed. These parameters are important for the simulation of transport, transformation and fate of PFAAs using multimedia fate model, and they can reduce the uncertainty of the model. Otherwise, the toxicity data of PFAAs are still rare. The individual exposure to PFAAs was reported; however, due to the lack of dose-response data of PFAAs, the carcinogenic risks of PFAAs have not evaluated yet. Therefore, the toxicity of PFAAs should be concerned for further study.
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